Abstract Low-cost adsorbents, e.g., cow manure-based carbon, provide alternatives to remove veterinary antibiotic sulfamethazine (SMT) from contaminated water bodies. In this study, the chemical structures and compositions of cow manure (CM) carbonized at 400, 600, and 800°C (CM400, CM600, and CM800) were examined using elemental analyzer (EA), Brunauer-Emmett-Teller, and spectroscopic techniques. Adsorptions of SMT on CM samples were conducted as functions of pH, hydrophobicity, and ionic strengths. Results of EA and spectroscopic analyses suggested that the raw CM and CM400 samples contained the highest amounts of O-containing groups and aliphatic domains. Amounts of such two chemical groups decreased as carbonization temperatures increased. The specific surface areas and total pore volumes of CM samples increased significantly when the carbonization temperatures exceeded 600°C. SMT adsorption on CM samples could be described essentially by the pseudo-second-order kinetic, intra-particle diffusion, and Freundlich isotherm models. Low pH and ionic strength were favorable for SMT adsorption in CM samples, particularly for the CM800, because a strong p ? -p electron donor-acceptor interaction (p ? -p EDA) was formed between SMT and CM surfaces enriched with hydrophobic domains. Further, the high adsorption affinity of SMT to the CM600 and CM800 samples was attributed in part to their larger surface areas and total pore volumes. Generally, CM-based materials carbonized [600°C showed relatively stable structures and exhibited strong aromatic properties. Moreover, maximum adsorption capacities of SMT on the CM800 sample (37-39 mM/kg) were significantly higher than those of other common adsorbents (0.02-35.93 mM/kg).
Introduction
Pharmaceutical antibiotics (PAs) are used widely in the livestock and poultry industries to improve the efficiency of feed use, promote growth rate, and reduce mortality and morbidity (Barbooti et al. 2014) . Because these PAs can bio-accumulate, they pose a long-term risk to aquatic and terrestrial organisms upon their release into the environment, even if the concentrations of PAs in nature are relatively low (range of lg/L to ng/L) (Bui et al. 2013; Kümmerer 2009 ). Besides, sulfonamides may constitute a serious threat to public health and ecosystems due to the potential spread of antibiotic resistance within bacterial communities (Hou et al. 2014 ).
Sulfonamides (SAs), derived primarily from sulfanilamide, are organic sulfur compounds with a functional group of -SO 2 NH 2 -. They are among the pharmaceutical antibiotics used to treat or prevent bacterial infection, diabetes mellitus, edema, hypertension, and gout-associated problems (Hiba et al. 2016) . In European countries, sulfonamides are one of the groups of antibiotics administered most widely in animal husbandry; approximately 363,000 kg of sulfamethazine (SMT), a group of sulfonamides, is used in swine production every year Raich-Montiu et al. 2007 ). Unfortunately, sulfonamides are only metabolized partially in animals after therapeutic treatments, and it has been estimated that approximately 30-90 % of antibiotics are excreted through urine and feces (Zessel et al. 2014 ). Due to ineffective or inappropriate treatment of these animal wastes, the antibiotics are discharged ultimately into the environments (Bao et al. 2014; Schwab et al. 2005; Tamtam et al. 2008) . As a result, the sulfonamides are found frequently in the surface/ground water, soils, sediments, and even in the drinking water (Batt et al. 2006; Heberer 2002) . Richter et al. (2007) investigated the concentrations of para-toluenesulfonamide (p-TSA) in different bodies of water systemically, and a maximum p-TSA concentration of 50.8 lg/L was observed in the aquatic media. Lin et al. (2013) reported that 0.05 mg/L sulfamethoxazole (SMZ) was detected in the surface waters and sewage treatment plant effluents in the UK. In addition, sulfonamides have been found commonly in soil systems that received the antibiotic-containing wastes. For example, Christian et al. (2003) indicated that approximately 0.015 mg/kg of sulfonamides accumulated in different soils fertilized with animal manure. García-Galán et al. (2013) traced the concentrations of 22 sulfonamide antibiotics and their metabolites in the sewage sludge and soil samples and reported that a maximum concentration of 8.53 ng/g of sulfonamides was found in these media.
Sulfonamides interact with soils through a complex process that is affected by various factors, such as pH, ionic strength, exchangeable cations, and the composition of soil organic matter (Leal et al. 2013; Srinivasan et al. 2014) . Kurwadkar et al. (2007) found a significant increase in the adsorption of sulfonamides in three loamy soils when the sulfonamides were converted from anionic forms with higher pH to neutral/cationic forms with a lower pH. Srinivasan et al. (2014) reported that the adsorption of three sulfonamide compounds: sulfamethoxazole (SMO), sulfachloropyridazine (SCP), and SMT, in six top soils was controlled by both cation exchange capacity (CEC) and organic carbon content. Even if soils exhibited some ability to adsorb sulfonamides, the force of adsorption seemed unlikely to inhibit plant uptake completely. For instance, Li et al. (2013) found a relatively high concentration of SMT and sulfamethoxazole (SMZ) in pakchoi cabbage compared with sulfadiazine (SDZ), because the plant was grown in soils with a higher residual concentration of SMT and SMZ. These results suggested that a portion of sulfonamides/antibiotics was bioavailable to plants, even if sulfonamides could be adsorbed by soils.
To avoid/prevent the detrimental effects of sulfonamides on ecosystems, the development of advanced oxidation processes or preparations of efficient adsorbents is still necessary to scavenge the antibiotics found in the environment. Several advanced oxidation techniques, such as electro-Fenton (Mansour et al. 2015) , photoelectrocatalysis (Hu et al. 2007; Kaniou et al. 2005) , sonolysis (Gao et al. 2013) , and the photo-Fenton process (Perez-Moya et al. 2010) , had been used successfully to remove the antibiotics or their metabolites. However, high costs and the presence of high organic compounds in the antibiotics-bearing media may hinder their practical applications.
Adsorption is an alternative approach to remove antibiotics due to its low cost and easy application. Various adsorbents, including carbon nanotubes (Ji et al. 2009 ), zeolite (Braschi et al. 2010) , activated carbon (Valderrama et al. 2007) , and chitosan (Vieira et al. 2007) , had been used to remove SMT antibiotics. Although these adsorbents show promising efficiency in sulfonamide antibiotics removal, the search for new adsorbents, particularly those derived from agricultural wastes, is still needed. In Taiwan, two hundred thousand cows produce 1.5 hundred million tons of animal wastes annually. The primary form of treatment for this excrement is composting, including vermicomposting, a process that requires several weeks to months to convert animal feces to useful fertilizers (Lim et al. 2015a ). However, antibiotics or pharmaceuticals in the manures may not be decomposed completely during the composting process, which can lead to the potential transfer of antibiotics into, or bacterial resistance of soils to which manure-containing fertilizers are applied (Kim et al. 2012; Lillenberg et al. 2010) . Moreover, antibiotics may inhibit the growth of earthworms during the vermicomposting process (Lim et al. 2015b ). Thus, composting may not be an appropriate choice in treating animal wastes that contain antibiotics.
Pyrolysis is a rapid and incomplete combustion process that converts biomaterials into biochar (Liu et al. 2012; Wang and Xing 2007) . Because sulfonamide antibiotics are unstable at high temperatures, pyrolysis may be an alternative method to convert cow manure to a useful bio-adsorbent that is free of residual antibiotics. The structure of biochar is similar to that of activated carbon and consists primarily of short stacks of graphite sheets with O-containing groups on the edge (Ji et al. 2011) . Biochar shows a strong adsorption affinity for hydrophobic organic contaminants due to its large specific surface areas (SSAs) and high surface hydrophobicity (Xie et al. 2014) . Our goal in this study was to determine the efficiency of SMT removal by cow manure-based carbon that was carbonized at three temperatures (400, 600, and 800°C), denoted as CM400, CM600, and CM800, respectively. The surface functional groups and chemical compositions of the CM samples with and without temperature treatments were examined first by BET, element analysis, and spectroscopic techniques. The effects of pH and ionic strength on SMT adsorption in CM were evaluated by kinetic and isotherm models to address the dominant driving force of SMT adsorption on CMs. With the exception of the BET and NMR analyses, each experiment was carried out in 2013 in the Department of Soil and Environmental Sciences of National Chung Hsing University, Taiwan.
Materials and methods
Preparation of carbon black from cow manure Raw cow manure (RCM), collected from the Livestock Research Institute in Taiwan, was carbonized at 400, 600, and 800°C in a furnace sparged continuously with nitrogen gas at a flow rate of 100 mL/min. Hereafter, the carbonized samples are denoted as CM400, CM600, and CM800. The carbon black samples were then washed with 3 M hydrochloride (HCl) followed by de-ionized water to remove silicate and soluble salts. After freeze-drying for 24 h, carbon black samples were ground slightly, passed through a 60-mesh sieve, and stored in a plastic bottle for further use.
Characterizations of carbon black
The surface functional groups of the adsorbents, including RCM and its derivative carbon black samples, were determined using Fourier transform infrared spectroscopy (FTIR, thermo Nicolet NexusTM Microscope Spectrometer) with a DRIFT accessory (Spectros Instruments). Each spectrum was recorded with a mixture of 10 mg CM and 390 mg of KBr under nitrogen purge. Solid-state 13 C crosspolarization/magic angle spinning (CP/MAS) NMR spectra with a 4 mm DR MAS probe (JCAMP, Bruker, USA) was used to analyze the chemical structures, and an Element Analyzer (Heraeus varioIII-NCH, Germany) was used to determine the C, H, and O compositions of the CM samples. The SSA and porosity were obtained according to the Brunauer-Emmett-Teller (BET) method, on the basis of the measurements relating to N 2 adsorption with an apparatus at 77 K (Micromeritics ASAP 2020, USA). The morphology of each CM sample was observed with a field emission scanning electron microscope (JSM-7401F; JEOL, Japan). The pH zero point charge (pH zpc ) of each CM sample was obtained by a pH drift method (LopezRamon et al. 1999; Putra et al. 2009; Shirzad-Siboni et al. 2015) .
Adsorption experiments
The adsorption kinetics and adsorption isotherm of SMT (purchased from Sigma-Aldrich with a purity of 99 % and used as received) onto CM400, CM600, and CM800 were carried out in a batch mode. A SMT stock solution of 100 mg/L was prepared freshly and stored in the dark at 4°C prior to the experiments. The suspension concentration of the CM-derived carbon black sample was controlled at 2 g/L. A circulating water bath was used to maintain the reaction temperature at 25 ± 1°C. 0.10 M HCl and KOH solutions were used to adjust the suspension pH. Ten ml suspensions were sampled periodically and filtered through a 0.20 lm pore size, cellulose acetate membrane filter. The SMT in the filtrate was determined colorimetrically at 262 nm using a Spectro UV-2550 UVvisible spectrophotometer (Labomed, USA). Preliminary studies suggested that the effects of pH (3-11) on SMT absorbance at 262 nm were slight, but the dissoluble organic carbon (DOC) derived from the CM samples, particularly for CM400, interfered significantly with the measurement of SMT. To obtain its precise concentrations, the increase in the absorbance at 262 nm due to the presence of DOC was deducted for each pH tested, while using the linear region of the SMT calibration curve to calculate the concentration. In addition, 2 mL of NaH 2-BO 3 buffer solutions (pH 10) was added to 8 mL of filtrate before determining the SMT concentrations to avoid pH-dependent changes in SMT species during HPLC analyses (Ji et al. 2009; Wang et al. 2014; Xie et al. 2014) .
Adsorption isotherm of SMT was performed by adding initial SMT concentrations of 5, 10, 20, 30, 50, 70 , and 100 mg/L into a 0.04 g CM sample (1 g/L), followed by 12 h of reaction. The effects of ionic strengths (i.e., 5 and 500 mM KCl) and pH (3, 8, and 10) on SMT adsorption were also evaluated in the reactions vessels at a constant temperature of 25 ± 1°C.
Speciation modeling
Depending on the pH of the solution, SMT can exist as a cation (SMT ? ), anion (SMT -), uncharged molecule (SMT 0 ), or zwitterion (SMT ± ) upon H ? dissociation or protonation at the aromatic amine and sulfonamide groups (pK a1 = 2.6 pK a2 = 7.4) (Pinna et al. 2012; Tolls 2001) (Fig. S1 ). The mass fractions of such sulfamethazine species ( Fig. S2) can be quantified as a function of pH and pK a values, as described in Eqs. (1)- (3) (Kurwadkar et al. 2007 ).
where pK 1 and pK 2 are the first and second dissociation constants of SMT, respectively, and a 0 , a 1 , and a 2 represent the fractions of cationic, neutral, and anionic species, respectively.
Analysis of adsorption data
The adsorbed amount (i.e., q e , mg/g) of SMT was calculated by the mass difference between the initial and final concentration as follows:
where C i and C e are the initial and equilibrium SMT concentrations (mg/L), respectively; V w (L) and m s (g) represent the total SMT volume and the mass of the CM adsorbent, respectively.
Kinetic models
To investigate the reactive mechanism of SMT adsorption on each CM sample, kinetic adsorption data were analyzed by a pseudo-second-order model and an intra-particle diffusion (IPD) model. These models are introduced briefly below:
The pseudo-second-order model (Ho and McKay 1999) was developed based on the assumption that adsorption capacity is proportional to the number of active sites occupied on the CM samples, and the rate-limiting step involved in chemisorptions (Ho et al. 2000) . The equation is expressed as follows:
By integrating Eq. (5) with the boundary conditions, t = 0 to t = t, and q t = 0 to q t = q t , Eq. (6) is obtained:
where k PSO (g/mg h) is the pseudo-second rate constant. The IPD model was used to explain either the boundary layer diffusion or IPD during the adsorption processes (Cheung et al. 2007; Hassan and Yasin 2015) . The equation can be expressed as follows (Singh et al. 2012) :
where kt is the IPD rate constant (mg/g h 1/2 ), and the C value is the intercept.
Freundlich isotherm
The Freundlich isotherm was used here to simulate the adsorption data of SMT on CM samples because it is suitable for heterogeneous systems and reversible adsorption (İlbay et al. 2015) . The basic Freundlich equation is:
The equation can be rearranged into a linear form as well (Kaniou et al. 2005) :
where q e and C e are the equilibrium concentrations of SMT in the adsorbed (mmol/kg) and aqueous phases (mmol/L), respectively. K F (mmol/kg)/(mmol/L) 1/n is the Freundlich adsorption capacity parameter. The slope (1/n) and the intercept (log K F ) were obtained with the linear form of the Freundlich equation (Eq. 9). The n value is a heterogeneity constant, which defines the adsorption nonlinearity. For example, n = 1 (linear isotherm) indicates that the adsorption is homogeneous, and there is no interaction between the SMT species (Rauf et al. 2008) .
Results and discussion

Characterizations of the carbonized CMs
The elemental compositions of the CM samples (Table 1) demonstrated that the hydrogen/carbon (H/C) atomic ratios decreased from 0.78 to 0.38 with increased carbonization temperatures. The CM samples with lower H/C ratios showed enrichment of the aromatic domains in their structures. The oxygen/carbon (O/C) atomic ratios of the CM samples, which represent the polarity, likely decreased from 0.19 to 0.13 when the temperature was increased. Thus, the CM samples would become more aromatic, with fewer polar functional groups, when they were carbonized at a higher temperature (Ahmad et al. 2012) . The sums of the carbon, hydrogen, and oxygen content of each CM sample contributed to approximately 82.60-87.90 % (w/w) of the total weight. Other elements, such as N, P, and S, or residual ash or soil minerals, may be responsible for the remaining portion of the CM samples. The SEM images of RCM and CM samples are shown in Fig. S3 . We found that the surfaces of the RCM sample were rough and had a large, oval-shaped pore structure. When the carbonization temperature was increased to 400°C, the surface of the RCM decomposed in part and developed a fine pore structure, as evidenced by the BET results ( Table 1 ). The surface morphology became more smooth and irregular when the carbonization temperature increased to 600°C (Fig. S3) .
The BET results indicated that the SSA of the RCM and CM400 was relatively low, with values of 1.27 and 2.97 m 2 /g, respectively (Table S1 ). A significant increase in SSA was observed when the carbonization temperature was increased to 600 (142.10 m 2 /g) and 800°C (114.66 m 2 /g). The SSA of CM400 was lower than that of CM600, which was attributed to the inhibition of pore formation because of the greater presence of ash and volatile organic content on the surfaces of the CM400 (Subedi et al. 2016 ). Compared to those of CM600, slight decreases in SSA and total pore volume were observed for CM800, due likely to the collapse of the pore structures at 800°C. These results are similar to those reported by Jeong et al. (2016) , who found a slight decrease in SSA in sugarcane leaves/trash when the carbonization temperature was increased to 650°C. The total pore volumes of RCM and CM samples increased from 0.007 to 0.090 cm 3 /g with increased temperatures (Table S1 ). Because the CM600 and CM800 samples exhibited a greater SSA and total pore volumes, it may be helpful to adsorb more SMT in their structures.
The FTIR spectra of RCM and CM samples showed an intense, broadband ranging from 3100 to 3650 cm -1 that represented the hydrogen-bonded OH vibration ( Fig. 1 ; Table S2 ) (Dutta et al. 2015) . The peaks at 2937 and 2854 cm -1 , which were found in the RCM and CM400 samples, were attributed to -CH2 and -CH3 stretching in the aliphatic structures of cellulose and hemicelluloses (Wu et al. 2012) . The peak at 1731 cm -1 , indicating -C=O stretching (Huck 2015) , existed in all CM samples, but disappeared gradually at increased carbonization temperatures (Table S2 ). The peak at 1652 cm -1 was found only for RCM and was attributed to carbonyl stretching of N-C=O in the peptide (Cantrell et al. 2012) . The peak disappeared when the carbonization temperature was increased to 400°C. The peak at 1590 cm -1 was attributed to C=C, C=O, and C=N stretching in the aromatic rings (Keiluweit et al. 2010) . Multiple broad peaks were found in the region between 1000 and 1550 cm -1 , which were co-contributed by the C-O stretching in ethers, esters, and carbonates (1063 cm (Artz et al. 2008 ). The two peaks at 781 and 877 cm -1 , attributed to the aromatic -CH out-of plane vibration, indicated the presence of an adjacent aromatic hydrogen (Chen et al. 2015; Das et al. 2009 ). In summary, the FTIR spectra of CM samples indicated that the RCM and CM400 samples contained more O-containing functional groups and aliphatic structures (Fig. 1) . However, with an increase in the carbonization temperature, these groups disappeared, while the peak intensities increased at 1590, 877, and 781 cm -1 and were designated as C=C/C=O stretching and C-H bending in the aromatic domains, respectively. When the carbonization temperature was increased to 800°C, those functional groups on the CM surfaces disappeared, consistent with the results of elemental analyses that the CM structures became more aromatic and less polar at increased carbonization temperatures. , and 800°C, denoted as CM400, CM600, and CM800, respectively
The 13 C CP-MAS NMR spectra (Fig. 2) of the RCM and CM samples showed the temperature dependence of the aliphatic C region (0-108 ppm), aromatic C (108-165 ppm), and O-containing C (165-220 ppm) (Jung et al. 2013) . While the RCM samples had the highest proportion of aliphatic and O-containing C, aromatic C was absent from the structure (Fig. 2) . After the RCM samples were carbonized at 400°C, the peak in the paraffinic C (0-45 ppm) region remained, but there was a substantial increase in the intensity of the aromatic C. When the carbonization temperature was increased to 600-800°C, only aromatic C was found in the CMs. Thus, the CM800 contained relatively higher ratios of aromatic functional groups (Fig. 2) . The NMR results were consistent with the elemental analysis and FTIR data, indicating again that the structures of CM600 and CM800 samples exhibited more aromaticity and less polarity.
Effects of pH on SMT adsorption in carbonized CM samples
The results of kinetic experiments indicated that the SMT adsorption in each CM sample reached a plateau after 12 h of reaction time (Fig. 3) . At pH 3, the amount of SMT adsorbed on CM400, CM600, and CM800 was approximately 0.56, 3.55, and 3.79 mg/g, respectively, at 12 h (Fig. 3a) . At pH 8, SMT adsorption on CM samples decreased significantly, and \1 mg/g SMT was adsorbed when the solution's pH was increased further to 10 (Fig. 3b, c) . The CM600 and CM800 that bore higher SSAs and total pore volumes may have contributed in part to a greater adsorption of SMT in these samples. The maximum adsorption of SMT occurred at pH 3, and the CM800 exhibited a much greater ability to adsorb SMT at the pHs tested. The greatest efficiency in removal of CM800 may be ascribed to its relatively high aromatic content. According to the elemental analyses, the proportion of the C CP/MAS NMR spectra for raw cow manure (RCM), and CM400, CM600, and CM800 samples Fig. 3 Adsorption kinetics of sulfamethazine (SMT) on CM400, CM600, and CM800 at a pH 3, b pH 8, and c pH 10. The lines were obtained from the results of simulation using pseudo-second-order model O/C ratio was the smallest in CM800 compared to that in CM600 and CM400 (Table 1 ), implying that the largest loss of oxygen content occurred after the 800°C treatment of the CM. Such treatment would produce more basic and hydrophobic structures, and thus, more p electrons were distributed on the CM800 surfaces and were favorable for p-p interactions for SMT adsorption (Ahmad et al. 2012) (please see below).
Although the neutral (SMT 0 ) and positively charged SMT (SMT ? ) coexisted in the solution at pH 3, SMT 0 was the dominant species (70 %). At pH 8, the proportion of SMT 0 decreased to approximately 20 % and negatively charged SMT (SMT -) increased to 80 %. At pH 10, the SMT -was the major species (near 100 %: Fig. S2 ). Because the pH zpc of CM samples ranged from 4.90 to 5.80 (Table 1) , an electrostatic repulsion occurred between SMT and CM at pH 3 (positive repulsion) and pH 8-10 (negative repulsion). Therefore, the electrostatic interactions might not play an important role in the determination of SMT adsorption on CMs. Xie et al. (2014) reported that the protonated SMT, i.e., SMT ? , and the neutral species of SMT were more effective p electron acceptors than was the anionic form of SMT due to the electron-withdrawing ability of the positively charged amino groups of SMT. Because the p electrons on the aromatic ring of SMT would be polarized and accompanied by a decrease in the electron density at low pH, electrostatic repulsion between the aromatic rings of SMT and the p electric properties in the benzene ring of SMT structure decreased concurrently (Xie et al. 2014) . Thus, an enhancement of the p ? -p interactions between the polarized SMT molecules and electron-rich aromatic rings of the CM samples was expected at a higher carbonization temperature and under acidic conditions (Teixido et al. 2011) . Therefore, SMT adsorption was favorable on the hydrophobic surfaces of CM800 at pH 3. At a pH of 8 and 10, both SMT and CM surfaces bore negative charges (Fig. S2) . Due to the electrostatic repulsion, adsorption of anionic SMT on negatively charged CM surfaces was insignificant in alkaline conditions.
The adsorption kinetics of SMT on CM samples could be described well by a pseudo-second-order kinetic model, and all of the coefficient of determination (r 2 ) values were greater than 0.94 (Table 2 ). The maximum adsorption capacity was found on CM800 at pH 3, and the q e values decreased with increasing pH, consistent with the adsorption results shown in Fig. 3 . For each CM sample, the k pso values increased as the pH increased from 3 to 10 (Table 2) . These results might be attributed to the steric effects with increasing surface loadings. Although SMT was removed favorably by CMs at a lower pH, an increase in the surface loadings might limit the migration and reactivity of SMT toward the adsorptive sites of CMs. Thus, an increase in k pso was observed when the solution's pH increased. Moreover, an increased pH would create a condition favorable for the dispersion of CM particles, and thus, SMT diffusion among the particles was achieved more readily. At pH 3, SMT adsorption on CM400 occurred very slowly, with a k pso of 0.73 g/mg h, likely due to the presence of more O-containing functional groups associated with a lower SSA and total pore volume (Table 1; Fig. 1 ). In addition, the slow adsorption of SMT on CM400 might be ascribed to the electric repulsions between SMT ? molecules and CM400 surfaces enriched with functional groups, such as amino or aromatic N-groups on the carbon black having the same electric properties (Fig. 1) . In contrast, rapid adsorption of SMT on CM600 and CM800 might be attributed in part to a larger SSA and total pore volume in the structures of the CM samples (Table 2 ).
An IPD model was also used to describe the adsorptive behavior of SMT molecules on CMs (Fig. 4 ). An IPD graph was produced by plotting the q e against t 1/2 (Fig. 4) . The k t and C values were calculated from the slope and intercept, respectively. Sulfamethazine adsorption on each CM could be described well by IPD model (r 2 [ 0.95, Table 2 ). The number of intercepts in the plots suggested that adsorption was a multistep process (Liu et al. 2015) . The plot in Fig. 4 shows two linear segments when SMT was adsorbed on CM600 and CM800 at a pH of 3 and 8, but such adsorptive behavior was not found on the CM400 sample (Fig. 4a, b) . At a pH of 10, SMT adsorption on each CM adsorbent exhibited only one linear segment (Fig. 4c) . The first sharper step shown in Fig. 4 was attributed to the rapid external surface adsorption correlated with the boundary layer diffusion of the SMT molecule (i.e., bulk phase to boundary layer). The external diffusion rate (kt 1 ) of SMT onto CMs decreased with increasing pH, and the CM400 showed the lowest diffusion rate in the first stage (external surfaces adsorption) at each pH (Table 2 ). These results indicated that the diffusion of SMT on CM400 surfaces was unfavorable, likely because the pH zpc and SSA were lowest, and polarity was highest, thereby leading to greater electrostatic repulsion force between the O-containing functional groups of the CM400 surfaces and SMT. The second step was a gradual adsorption step, involving the diffusion of SMT into the pore structures of the CM samples, controlled by IPD (Zhou et al. 2014) . Because the BET results indicated that CM600 and CM800 contained higher total pore volumes, but smaller pore sizes (Table 2) , the slow, second step diffusion of SMT occurred only in these samples. The second step of the pore diffusion rate (kt 2 ) for SMT onto CM600 and CM800 also decreased when the solution's pH was increased from 3 to 8, indicating that the electrostatic forces induced by pH changes could influence SMT diffusion within the pores. At a pH of 3 and 8, SMT adsorption on CM600 and CM800 samples was controlled by both external adsorption and intra-diffusion processes; however, only the external adsorption of SMT occurred on these two adsorbents at pH 10. This may indicate that SMT adsorption on CM samples proceeded rapidly, with the highest k pso at pH 10 ( Table 2 ). The absence of the second step of SMT adsorption on CM400 suggested the absence of efficient pore volumes or limited/inaccessible pores in CM400 due to the presence of a large amount of polar functional groups. Further, the development of positive charges on the polar groups of the CM400 surfaces may inhibit the boundary layer diffusion of hydrophobic molecules of SMT, and thus, the kinetic adsorption of SMT on CM400 was low at pH 3.
The C values in the IPD model indicated the thickness of the boundary layer, and the magnitudes of C represented the contributions of each stage to the rate-limiting step (Dogan et al. 2004 ). All of the positive C values in Table 2 suggested that adsorption of SMT on CMs occurred rapidly (Wu et al. 2009 ). We also found that the C 2 exhibited a higher value than that of C 1 for both the CM600 and CM800 samples, and the differences were the greatest at pH 3 (Table 2 ). These results indicated that the IPD (i.e., the second stage of SMT adsorption) might play a relatively important role in controlling SMT adsorption on CM600 and CM800 at a lower pH (Kannan and Sundaram 2001) . We presumed that the IPD processes might lead to lower rate constants (k pso ) of SMT adsorption on CM600 and CM800 at pH 3, as given in Table 2 .
Based on the results of the adsorption kinetics model, the functional groups on CM surfaces, SSA, total pore volume, and the SMT species largely controlled the kinetic adsorption processes. For instance, surface charges that developed on the polar and carboxylic groups on the surfaces of CM400 resulted in electrostatic repulsion between SMT and CM400, and thus, a relatively lower adsorption capacity was observed by comparison to that of CM600 and CM800 ( Fig. 3; Table 2 ). These results were similar to those reported by Xie et al. (2014) , who found that an increase in the mole fraction of deprotonated species of sulfamethoxazole (SMX) and sulfapyridine (SPY) led to an increase in electrostatic repulsion between the anionic forms of adsorbate molecules and the deprotonated O functionalities of biochars. Considering the aromatic rings of SMT and the hydrophobic properties of the CM surfaces, a hydrophobic partition interaction might also contribute to SMT adsorption on CMs. However, hydrophobic partitioning interactions dominated the SMT adsorption on CM samples only under neutral conditions, because such partitioning interactions could be overwhelmed by the electrostatic force (Lian et al. 2014) . Therefore, hydrophobic partitioning interactions might contribute insignificantly to SMT adsorption on CM samples at high pH.
Sulfamethazine adsorption on CMs as influenced by ionic strengths
Based on the results above, CM800 showed the greatest adsorption capacity for SMT at each pH; therefore, this e kt 1,2 indicated intra-particle diffusion rate constant with a unit of mg/g h 1/2 f NA = not available by IPD model sample was selected as a representative to investigate the effects of ionic strength on SMT adsorption (Fig. 5) . The results showed that adsorption on CM800 was inhibited slightly at a higher ionic strength, and the adsorption was described well by the Freundlich model.
At pH 3, the adsorption constant (K F ) for SMT on CM800 increased slightly from 46.80 to 56.50 (mmol/kg)/ (mmol/L) 1/n when the KCl concentrations decreased from 500 to 5 mM, indicating that the adsorption intensity increased with decreasing KCl concentrations. The removal of SMT on CM800 decreased by approximately 7 % when the KCl concentration increased from 5 to 500 mM (Table S3) . Similar results were also found by Pavlovic et al. (2014) , who proposed that an increase in ionic strength would result in a decrease in surface charges and thus would produce a decrease in the interaction of protonated SMT with the adsorbent surfaces. Qiang et al. (2013) also reported that the presence of 10 mM of chlorite-containing electrolytes could decrease SMT adsorption on magnetic mesoporous nanocomposite by 10-20 %. As mentioned previously, we proposed that the p ? -p EDA was the dominant force in SMT adsorption onto CM samples, and the effects of electrostatic interactions on SMT adsorption were insignificantly compared to those studies that have used adsorbents with more hydrophilic surfaces. Thus, a slight decrease in the capacity to adsorb SMT (ca. 7 %) on CM800 was observed at a higher ionic strength.
To evaluate the adsorption efficiency of the CM800 adsorbents for SMT obtained in this study, the adsorption capacity and Freundlich isotherm constants were compared to their counterparts reported in the literature, and the results are shown in Table S3 Guo et al. 2013; Pavlovic et al. 2014; Qiang et al. 2013; Rajapaksha et al. 2014 Rajapaksha et al. , 2015 Subedi et al. 2016) . Compared with other adsorbents, the CM800 sample showed a relatively high adsorption capacity, in which the maximum adsorption capacity of 39.40 mM/kg SMT on CM800 was obtained at Fig. 4 Simulation results of intra-particle diffusion model for adsorption kinetics of sulfamethazine (SMT) on CM400, CM600, and CM800 at a pH 3, b pH 8, and c pH 10 pH 3 with 5 mM KCl. In addition, the adsorption intensity, indicated by K F (Freundlich isotherm constants), was greater than that of other adsorbents (Table S3 ). Based on these results, the CM800 sample can serve as an efficient and low-cost adsorbent for SMT removal.
Conclusion
Carbonization of cow manure is an effective method to convert these waste materials to black carbon-like compounds with low polarity and high aromaticity. The temperature treatments also lead to a significant increase in SSA and total pore volume. The SSA and total pore volume of CM600/CM800 were approximately 114.66-142.10 m 2 /g and 0.07-0.09 cm 3 /g, respectively, much higher than were those of RCM/CM400 samples with SSA of 1.27-2.97 m 2 /g and total pore volume of 0.003/0.007 cm 3 /g. Therefore, the highest efficiency in the removal of SMT was obtained in CM600 (77.90 %) and CM800 (87.70 %) samples. The adsorption of SMT on CM samples could be described by a pseudo-second-order kinetic model and an IPD model.
At pH 3, SMT antibiotic was adsorbed strongly on CM800 through the p ? -p interaction, and as much as 3.62 mg/g of SMT was adsorbed. However, when the pH was raised to 10, the increase in the proportion of the anionic form of SMT decreased the p ? -p interaction between SMT and CMs, leading to a significant decrease in SMT adsorption (0.89 mg/g). Electrostatic repulsion between anionic SMT and negatively charged CM surfaces was responsible for the decrease in adsorption capacity of SMT under alkaline conditions. The results of ionic strength experiments showed a slight effect on the adsorption efficiency of SMT on CMs, likely due to the absence of electrostatic interactions between SMT and the CM sample. Our results demonstrated that CM samples derived from carbonization of cow manure can be used as an efficient adsorbent to remove SMT at low to neutral pH levels and may serve as a low-cost substitute for the activated carbon in scavenging pharmaceutical products.
